Among tourist activities in the Alps, winter sports have a prominent role because of the large scale of changes they cause at the habitat and landscape level. We have analysed whether ski resorts lead to significant threats to the avian diversity in the coniferous forests of the western Italian Alps, by comparing the bird communities of plots located in (1) the forest interior, (2) forest at the edge of ski-runs and (3) forest at the edge of pastures (the latter two are anthropogenic elements of forest fragmentation). Ski-runs produce a negative edge effect in the study forests: plots at their edges present lower bird species richness and Shannon diversity than those located in the forest interior or at the edges of pastures. In particular, birds typical of ecotone habitats seem to favour forest plots set at the edge of pastures. Ski-run-edges are linear landscape features that create high contrast edges; conversely, vegetation structure is more complex at the edge of pastures, attracting a rich and diverse avifauna. In the study area, pastures tend to be abandoned whereas winter sport resorts are increasing in extent. Accordingly, there is a need for coordinated management and cooperation between sport-and landmanagement agencies, in order to preserve native biodiversity while simultaneously managing land for sport activities.
INTRODUCTION
The creation of edges, i.e. transition zones between adjacent habitats, is one of the effects of habitat fragmentation (Murcia, 1995) . Historically, land managers considered habitat fragmentation to be beneficial for biodiversity (Leopold, 1933) , on the basis of what was later called the 'edge effect', i.e. the hypothesis that species richness and density increase at the border between different habitats (Odum, 1971) . Recent investigations, however, have described radical changes in community structure at edges, suggesting problems from a diversity perspective (Matlack & Litvaitis, 1999) . These problems increase when anthropogenic intervention determines a proliferation of edges, emphasising the natural physical gradients in topography, hydrology and substrate (Saunders, Hobbs & Margules, 1991; Andrén, 1994; Rochelle, Lehmann & Wisniewski, 1999; Shochat, Abramsky & Pinshow, 2001) . It has been shown, for instance, that anthropogenic forest fragmentation might cause local or regional extinction of the most forestdependent animal species, as a consequence of increased predation rates and brood parasitism at the forest edge * All correspondence to: Paola Laiolo. Department of Applied Biology, Estación Biológica de Doñana (CSIC), Avenida M. Luisa s/n, 41013 Sevilla, Spain. Tel: +34 954621125; Fax: +34 954232340; E-mail: paolo@ebd.csic.es (Andrén & Angelstam, 1988; Andrén, 1992; Faaborg et al., 1995; Kurosawa & Askins, 2003) , inhibition of dispersal and reduction of home range (Forman, 1997) and intensification of human disturbance (McGarigal et al., 2001) . In Europe, the effects of habitat fragmentation have been severe in lowland forests that have experienced a long history of anthropogenic disturbances (Hanson, 1983; Cushman & McGargal, 2003; Gurdebeke et al., 2003) . The impact of human activities in high-elevation environments is more recent and a common form of disturbance comes from the development of winter sport resorts. Ski-runs, in particular, brought about considerable damage both above and below the timberline: forest tracts are abruptly clear-cut, bulldozers and power shovels are used for soil removal (to provide comfortable slopes for skiers) and artificial seeding, if any, is conducted to control for soil erosion (Siniscalco et al., 1997; Urbanska, Erdt & Fattorini, 1998; Tsuyuzaki, 2002) . After construction, tree pruning and cutting of shrubs are carried out at regular intervals and large amounts of chemicals are spread for soil stability (Barni, Siniscalco & Montacchini, 2002) .
Despite ski-runs becoming a common feature in alpine landscapes, there is a paucity of research on their effects on wildlife (Delmas, 1986; Watson & Moss, 2004) . This study was undertaken to provide information on the effects of ski-runs on the bird communities of the coniferous forests of the Alps. We compared bird diversity and community composition in plots located in (1) the forest interior, (2) forest at the edge of ski-runs and (3) forest at the edge of pastures. In particular, we examined whether avian diversity is greater in forest plots located at the edge of an open space -ski-run or pasture -than in the forest interior (as expected when an edge effect occurs). Like ski-runs, pastures have an anthropogenic nature, but while the former form abrupt edges, pastures tend to create more ragged edges. We also investigated bird-habitat relationships, to determine important floristic and structural components of the habitat of the alpine coniferous forest avifauna.
METHODS

Study area
The study was carried out in the coniferous forests of the Alta Val Susa, Val Chisone and Val Germanasca, in the western Italian Alps. We surveyed 10 localities comprising ski areas and a Natural Park (Fig. 1) . In 2006, the XX Olympic Winter Games will take place in the study area. Since the 1970s, ski-runs have been constructed both on high-elevation grasslands and within coniferous forests; they were established by scraping off the extant vegetation and the topsoil and by artificially seeding with prevailing native herbs. Coniferous forests of the area are dominated by the larch Larix decidua, but the fir Abies alba, Norway spruce Picea abies, Arolla pine Pinus cembra and Scots pine Pinus sylvestris also occur. Broadleaved trees (Fraxinus excelsior, Acer pseudoplatanus, Betula pendula, Alnus viridis, Corylus avellana, Sorbus spp., Salix spp.) are found as scattered individuals within the coniferous matrix. The understorey is sparse, mainly composed of Juniperus, Rhododendron, Vaccinium and Arctostaphylos spp.
Bird and habitat sampling design
Field work was carried out in April, May and June 2003. Birds were counted using 50-m fixed radius point-counts, between sunrise and 5 h later in good weather conditions . All birds detected during a 7 min period, aurally and/or visually, were recorded. Overall, 252 point-counts were made at 1100-2200 m above sealevel (a.s.l.). The exact location of plots was established in the field by means of a Global Positioning System (GPS) Garmin eTrex R Navigator. Each plot was located at a minimum distance of 200 m from the next nearest sampling plots and we were careful not to record the same Forest bird diversity and ski-runs 11 individuals on neighbouring points. Three types of plots were defined: forest-interior plots (n = 112), ski-run edge plots (n = 68) and pasture edge plots (n = 72). Ski-run strips were 30-50 m wide and > 500 m long, pastures covered >1.5 ha. The centre of edge plots was located 50 m from ski-runs and pastures, so that the external perimeter of the plots embraced forest edge on one side. The centre of forest interior plots was located > 200 m from edges (the external perimeter on one side was at a minimum distance of 150 m from edges).
In circular plots of 20 m radius (centred in each census plot), structural parameters of the vegetation were measured. Tree height was measured using a clinometer, tree diameter at breast height was determined using a tape and tree density was established as the inverse of the distance between the nearest trees paced in metres. Ten measurements per plot were taken for tree height, diameter and distance and the averages of these habitat measurements were used in statistical analyses. The variability in canopy profile for each plot was determined through the coefficient of variation of tree height (CV = SD/mean height × 100). In each point count station of 50 m radius, all trees > 6 cm diameter at breast height were counted and their taxonomic identity recorded, to derive a measure of arboreal diversity per plot (Shannon index: H = − p i × ln p i , where p i is the relative frequency of tree species i).
Hence, local habitat at each count-station was depicted by means of six parameters: arboreal diversity (AH), relative abundance of larch (the dominant tree, %L), tree height (H), diameter (DBH), density (D) and variability in canopy profile (CVH). Avian community was described in terms of bird species richness (S), diversity (Shannon index, BH) and the density of three ecological groups of birds: woodland species (birds typical of forest and open forest habitats), ecotone-shrub species (species that use grassland and woodland alternatively or dwell in shrubby areas) and grassland species (birds that require open fields both for breeding and foraging).
Data analysis
Differences between plot types
We tested for differences in mean bird species richness, diversity and density of woodland, ecotone-shrub and grassland species between the three plot types (forestinterior, ski-run-edge and pasture-edge) by means of nested ANOVAs (plots nested into 10 study localities). The values of Shannon diversity was transformed to logarithms ( y = log(x) + 1) and those of species richness and density of the three ecological groups were transformed to square roots ( y = √ x + 0.5) to attain a normal distribution.
Relationships between bird community and habitat
Principal component analysis (PCA: Gaunch, 1984 ) was chosen to compensate for multicollinearity and to reveal patterns in the data for vegetation structure (DBH, H, D and CVH variables), using standardised data (zero mean and unit standard deviation). We used generalised linear models to test for the effects of vegetation structure (three scores of PCA), floristics (arboreal diversity, percent larch cover), elevation, locality and plot type (categorical variable defining forest interior, ski-run-and pasture-edges) on bird species richness, diversity and the abundance of the three ecological groups of birds. Species richness and bird abundance values matched Poisson distribution, whereas species diversity matched a Gaussian distribution. Both Poisson/Gaussian regressions and Akaike's Information Criterion (AIC: Akaike, 1973) were used to select the most appropriate models, i.e. those fitting best the available data set. AIC is based on the principle of parsimony and helps to identify the model that accounts for the most variation with the fewest variables: the model that best explains the data is that with the lowest AIC. This information criterion is one of the most powerful approaches for model selection from a set of alternative plausible models and it solves the problems of stepwise model selection because no sequential statistical test is conducted (Burnham & Anderson, 1998) .
Generalised linear models and AIC were calculated using the R Package (Ihaka & Gentleman, 1996) .
Relationships between bird species and habitat
Density of bird species at each plot was compared with vegetation characteristics by means of the Canonical Correspondence Analysis (CCA). This is a multivariate technique that ordinates plots using both a primary matrix of species densities and a secondary matrix of environmental variation (ter Braak, 1986) . The primary matrix included 29 bird species, i.e. those contributing with at least eight individuals to the data set, the secondary matrix included floristic and physiognomic descriptors (AH, %L, H, DBH, D and CVH), elevation and plot type. To assess the significance in the CCA axes, we used Monte Carlo simulations to test the hypothesis that there was no correlation between the primary (bird) and secondary (environment) matrices: P values were based on the proportion of 1000 Monte Carlo simulations with an eigenvalue greater than the observed eigenvalue. CCA was performed using PC-ORD (McCune & Mefford, 1999) .
RESULTS
Differences between plot types
Overall, 1256 individuals from 42 species were sampled in 252 plots (see Appendix 1 for a complete list of bird species and Appendix 2 for the distribution of points within plot types and localities). Forest-interior, ski-run and pasture-edge stations showed significant differences in terms of bird diversity and species richness and no significant interaction resulted between locality and plot type (Table 1) . Plots located at the edge of pastures support Inter-plot differences were tested with nested ANOVAs (plot type nested into locality). Least-squares deviation (LSD) post-hoc tests were used for pair-wise comparisons of means. vs, versus. * * P < 0.01, * * * P < 0.001.
the greatest bird species richness and diversity, whereas those set at the edge of ski-runs presented the lowest values. Woodland species density was greatest in forest interior and pasture-edge plots, numbers of ecotone-shrub birds peaked in plots at the edge of pastures (Table 1) . Using one-way ANOVAs, we tested for differences between bird diversity of plots located in the surroundings of ski-runs and diversity of plots located further away (distance classes: < 0.5 km, 0.5-1 km and >1 km). When plots located at the edge of ski-runs were included in the analyses, bird species richness and diversity were significantly lower in forests around ski resorts than in forested areas located at least 1 km apart from them (S: F 2,249 = 4.2, P < 0.05; BH: F 2,249 = 3.4, P < 0.05). However, when only forest interior and pasture-edge plots were considered, no significant difference was found between distance classes (all P > 0.05), suggesting that forest bird diversity only drops in the close proximity of a ski-run.
Relationships between bird community and habitat
The first three principal components (PC1, PC2, PC3) accounted for 89% of the total variation in the vegetation structure matrix, with eigenvalues > 1. Tree height and diameter at breast height showed the highest correlation with PC1 scores (suggesting a gradient from young versus old stands), the variability in tree height provided the The highest loadings are in bold type.
major loading (negative) on PC2, tree density showed a negative correlation with PC3 ( Table 2) . Results of generalised linear models of bird species richness, diversity, density of woodland, ecotone-bush and grassland birds on environmental predictors are shown in Table 3 . Bird species richness and diversity were best modelled by plot type alone, with the AIC minimised for just this variable (S: AIC = 991, BH: AIC = 345); all other variables and their combinations had greater AIC values (S: AIC > 1000, BH AIC > 360). Poisson/Gaussian regressions confirmed these results, since they were significant only when plot type was entered, although the model only explained 5% of the total variation. The density of woodland species decreased with elevation and larch cover and increased in forest interior and pasture-edge plots; birds of the ecotone and shrubs were associated with pasture-edge and high elevation plots, while grassland species only inhabited young woodlots with sparse tree cover at the margin of forest (Table 3) .
Relationships between bird species and habitat
In canonical correspondence analysis (CCA), the first CCA axis represented a gradient from high tree diversity plots located in forest interior to larch-rich sites of forest margin (AH: r = − 0.514; forest-interior: r = − 0.401; pasture-edge: r = 0.24; ski-run-edge: r = 0.22; %L: r = 0.39), the second axis represented increasing tree density (D: r = 0.343). Black woodpecker, treecreeper, nutcracker, firecrest, goldcrest and tits were associated with high arboreal diversity and forest interior plots, whereas lesser whitethroat, tree pipit, black redstart, dunnock and mistle thrush occurred at forest edges dominated by larches (Fig. 2) . The first two ordination axes of CCA had significant canonical eigenvalues (< 0.005), as determined by the Monte Carlo test.
DISCUSSION
Among tourist activities in mountains, winter sports have a prominent role because of the large scale of changes they cause at the landscape level and the large demand on energy supply. In particular, the construction of ski-runs in the study area requires the destruction of the pre-existing ecosystems through the removal of topsoil and extant native vegetation (both herbaceous and arboreal) in strips typically 30-50 m wide (Siniscalco & Montacchini, 1990) .
Several studies have shown that plant diversity in ski-runs is lower than that of nearby grasslands (Urbanska et al., 1998) ; vegetation successional stages are also disrupted (Tsuyuzaki, 2002) . The effects on the faunal components are less studied and more varied: Shine, Barrott & Elphick (2002) , for instance, found that artificial corridors in mountainous forests enable reptiles to penetrate higher into the forest, as these species take advantage of higher solar radiation in anthropogenic clearcuts. On the other hand, Watson & Moss (2004) found out that the breeding success of ptarmigan Lagopus mutus can drop as a consequence of ski-development in Scotland. The results of this study show that bird species richness and diversity of forests perforated by ski-runs are significantly lower than those of undisturbed forests. This could be ascribed to the negative edge effect that ski-runs produce in the forest: plots at their edges present lower bird diversity and species richness than those far from edges; conversely, species richness is enhanced when the forest grades into a pasture, suggesting that the latter element causes a local positive edge effect in the forest. We hypothesise that the factors that are responsible for the observed differences are related to the different structure and resource availability of these two types of forest edges. First, ski-runs are linear landscape features that create high contrast edges and bisect patches: the forest ends abruptly and shrub and tree encroachment is prevented by regular pruning and cutting. Second, several ski-runs, especially the steepest ones, have a high proportion of bare ground, due to soil erosion, compaction and the use of chemicals in artificial snow; these factors might limit, in turn, the resources available to forest birds in nearby open habitats. Conversely, at the edge of pastures the shrub layer is denser (due to extra light) and it is not removed as in ski-runs. Furthermore, the shrubs at forest edges may flower more regularly than in the heavily shaded forest interior and the light, warm conditions at the edge may increase insect density and, in turn, insectivorous bird density. Several studies in temperate forests have shown that the presence of bushes and grassy headlands in forest margins can increase bird diversity (Kroodsma, 1984; Fuller & Warren; , Fautsch, Delvingt & Paquet, 2003 . In addition, pastureedges may offer more suitable habitats for birds because they are older than ski-run edges: both the structure and the plant composition are generally thought to be more complex along old, established edges where there has been a constancy of light penetration (Fuller, 1995) . Eventually, grazed patches and their surrounding forest edges may be richer in particular invertebrates that are important prey items for birds, such as bibionids and leatherjackets (flies), which depend upon the availability of organic matter (dung) (McCracken, Foster & Kelly, 1995; . Typical ecotone bird species preferentially dwell in plots at the edges of pastures and at high elevations, whereas woodland birds are more abundant in forest interior or at the edge of pastures and tend to avoid pure larch sites and high altitude. The fact that forest interior and pasture edge support similar overall abundance of woodland species probably depends on the relative paucity of true forest specialists, which make up a minor share of woodland birds in the study area. Grassland birds are found only close to the edges and prefer young forests where trees are very sparse. All in all, forest plots at ski-run edges are avoided by both typical forest birds and by ecotone birds, which constitute the bulk of the species sampled. Although this study concentrated on forest habitats, it is worth noting that several open-habitat species were more abundant, or occurred only, in pastures and avoided skiruns: woodlark Lullula arborea, rock bunting Emberiza cia, yellowhammer Emberiza citrinella, red-backed shrike Lanius collurio, whinchat Saxicola rubetra and rock sparrow Petronia petronia (pers. obs.).
Although bird diversity peaks in forest plots at the edges of pastures, CCA shows that forest interior habitats are important for several species, such as the treecreeper, bullfinch, Regulus spp., black woodpecker, nutcracker and most tits; these species are also associated with plots with great tree diversity. Conversely, the lesser whitethroat, tree pipit, black redstart, crossbill and dunnock seem to prefer larch-rich habitats at forest edges. Stand age, as indicated by tree height and diameter, is a poor predictor of individual species distribution and this contradicts a widely held general view that forest age is important to the distribution of birds in temperate woodlands (Lack, 1939; Lack & Lack, 1951; Moss, 1978; Helle & Mönkkönen, 1990) .
A possible caveat of this research concerns the assessment of habitat quality from measures of bird densities, rather then directly estimating bird breeding success. However, the aim of this study was to investigate the value of different forest plots for the bird community on the whole. Ski-runs do negatively affect bird diversity per se and this has to be viewed as detrimental, irrespective of the effects on breeding success.
Despite its short-term nature, this study shows that the occurrence of ski-runs in the forested landscapes of the Italian Alps lowers bird diversity, since a negative edge effect seems to occur. Plots at the edge of pastures have the greatest diversity, but they are avoided by some forest specialists, such as treecreeper and some Parus species. The latter species are priority species for forestconservation (sensu and their dependence upon forest interior emphasises the role of continuous habitat in the conservation of forest specialists. At present, forest clearing for winter sport activities is the major force driving the fragmentation of the coniferous forests, since there is a generalised trend towards pastoral abandonment in several alpine valleys and most grazed fields in the montane belt turned (or are turning) into forests (Laiolo et al., 2004) . In view of this, the only way to preserve the biodiversity of the area seems to be that of restoring the gradual transition from forest to the open habitat created by ski-runs. This could be achieved without compromising the safety of the ski-runs, by managing edge vegetation and encouraging side canopies, because physical gradients are much less pronounced behind close edges (Matlack & Litvaitis, 1999) . The value of these measures in promoting natural diversity should be tested experimentally, through coordinated management and improved cooperation between sport-and landmanagement agencies, which should have the mandate to maintain native biodiversity while simultaneously managing land for commodity production, recreation and other objectives. Eventually, studies on the ecological impacts of alpine sport resorts on wildlife should also be encouraged outside the winter period, to understand whether disturbed ecosystems have already moved outside of their natural range of variation and to identify threshold levels within which human activities can be sustainable. 
Introduction
The farmed landscapes of Europe are very diverse, reflecting an ancient history of human settlement. The intensity of land use, and consequently the composition and distribution of habitats and wildlife communities, has gradually changed across centuries (Pain & Dixon 1997) . In the Alps, pastoral activities have been practised for at least 6000 years (Lichtenberger 1994 the 'alpeggio' system, a sort of transhumance in which pastures were grazed during summer months by nonlocal livestock, which were moved back to valley bottoms for the rest of the year. Hay for feeding livestock in winter was grown below the timberline, especially on rich valley bottom soils. The development of industry in the alpine valleys made the agricultural management regime of mountainous areas less and less necessary or economically viable. As a consequence, people moved to the valley bottoms and the traditional agropastoral systems collapsed, especially in unproductive and remote mountain valleys (Anthelme et al . 2001; Didier 2001) . Depopulation of rural areas and reduction of stocking levels is a long-term trend that peaked after the Second World War. Now it is omnipresent throughout the Alps and is one of the major driving forces behind changes in ecosystem function and dynamics (Cernusca, Tappeiner & Bayfield 1999; Dirnböck, Dullinger & Grabherr 2003) . The ecological consequences of undergrazing or complete elimination of grazing are evident mostly where conditions are suitable for tree and shrub growth: through processes of natural succession grassland gradually turns into shrub and, ultimately, to forest. In the montane belt, shrubs can cover pasture 6 -7 years after abandonment, while the same process takes 10 -12 years in the subalpine belt (Reyneri 2001) . Tree and shrub encroachment leads to a decrease in open ground habitats and reduces heterogeneity in the landscape. In addition, it can have a considerable impact on vegetation characteristics and animal populations (Beaufoy, Baldock & Clark 1994; Pain & Pienkowski 1997) . Birds have served as model organisms in a number of studies investigating the individual-, population-and community-level consequences of changes in agropastoral practices. Farmland habitats are known to hold a rich avifauna, comprising several specialists that are highly dependent upon agriculture and grassland (Pain & Pienkowski 1997) . Due to agricultural intensification or to the abandonment of traditional, low-intensity farming systems, many birds typical of agropastoral landscapes have an unfavourable conservation status . In order to prevent or reverse declines in these species, we need a clear idea of their requirements. While much work has been done on the effects of intensification of agriculture on farmland birds , few researchers have addressed the consequences for birds of land abandonment and the decline of pastoral practices (Blanco, Tella & Torre 1998) . Moreover, in Europe most studies have concerned bird communities inhabiting lowland grasslands. Few quantitative data are available on the avifauna of montane and alpine pastures, ranging from the lower limit of 1000-1200 m to an upper limit of 3000 m a.s.l. The aim of this study was to assess the consequences of land-use changes on the diversity and community structure of alpine birds. We focused on the montane belt, where abandoned pastures have been altered through invasion by trees and shrubs, and on the alpine belt, where structural changes driven by pastoral abandonment are less evident. We analysed the responses of bird communities in terms of their diversity and abundance to a set of variables (elevation, local habitat and landscape variables, plus a descriptor of grazing intensity), in order to highlight important factors for the avifauna of high altitude environments.
Methods
 
The study was carried out in Gran Paradiso National Park (45 ° 31 ′ N, 7 ° 16 ′ E, north-western Italian Alps; Fig. 1 ) in June-July 2001 and 2002. The park area extends for about 70 000 ha. The bottom of the valleys is covered by mixed-broadleaved woods ( Castanea sativa , Quercus spp., Betula alba , Populus spp., Fraxinus spp., Acer spp.), whereas coniferous woods of European larch Larix decidua mixed with Norway spruce Picea abies , arolla pine Pinus cembra and, occasionally, silver fir Abies alba dominate from around 1000 m a.s.l. to the treeline (1600-2200 m a.s.l). Progressing up the slopes, trees are replaced by a shrub belt ( Juniperus , Rhododendron , Vaccinium , Arctostaphylos , Salix spp.), wide alpine pastures and natural grassland dominated by Festuca and Nardus spp. Above 3000 m a.s.l., rocks, screes and snowbeds dominate the alpine landscape, up to the highest peaks and glaciers of Gran Paradiso massif (4061 m a.s.l). Non-woody vegetation below the timberline consists mainly of semi-natural grasslands dominated by grasses (Gramineae) and green alder Alnus viridis shrub growing on disturbed sites (wet and steep slopes, avalanche tracks).
In the study area the decline of stocking levels and summer transhumance activities has precipitated a marked reduction in the extent of grassland below the treeline (Fleury et al . 2001) . In abandoned pastures, shrubs such as Berberis , Rhododendron , Juniperus , Alnus , Salix spp., bracken Pteridium aquilinum and European larch are encroaching rapidly from field borders and colonizing previously open habitats (Cavallero et al . 1997) . In pastures that are still exploited, grazing pressure is normally weak, as it occurs for very short periods: 1-2 (sometimes 3) months in July-September         ,     
The grasslands used in this study covered a wide range of altitudes (1000-2800 m a.s.l) and differed greatly in topography, size (from less than 1 to 1200 ha) and degree of shrub and tree cover. In such heterogeneous landscapes, traditional survey methods such as fixed radius point counts or transects are inappropriate, as differences in bird detectability would bias intersite comparisons. We therefore used a standardized area count method , surveying birds in circular plots of radius 50 m. Counts lasted 15 min. During the first 5 min of the recording period the observer stood still and quiet at the centre of the plot, as in a standard point count, while in the latter part of the count the observer moved around and stopped at suitable vantage points to look and listen, recording all birds seen or heard within the plot. This method is particularly useful when comparing community structure of habitats that differ in vegetation density. Each census plot was visited twice (in June and July of the same year) and the largest values from the two censuses were used as a measure of bird species abundance per plot; overall, 350 plots were visited on two occasions (Fig. 1) . Each day a 5 -18-km long transect was walked, in an ascent of 800 -1500 m. Plots along daily transects were located 200 -6000 m away from each other; we were very careful not to record the same individuals on neighbouring plots by tracking birds with binoculars if they were flushed off.
For each plot we calculated the following five variables: vegetation (grass and shrub) height ( H , mean value of 40 measurements per plot taken with a wooden dowel subdivided into 1-cm units; in grazed pastures these were taken prior to grazing); heterogeneity of vegetation height [CV = H /SD ( H ) × 100]; percentage shrub cover; percentage tree cover; and percentage boulder/stone cover (percentages estimated by eye).
Grazing pressure was estimated, after interviewing local people and consulting the archives of the park as: 0, abandoned pasture where grazing no longer occurred; 1, low to moderate grazing intensity (grasslands were either rapidly crossed by sheep/cows or grazed by freeranging livestock); 2, high grazing intensity (high stocking levels, with cattle kept in fenced pastures until the whole area was grazed); 3, very high utilization (haymaking associated with grazing, so that the herb layer was kept uniformly short). In the interest of clarity, the terms 'high' and 'very high' have a relative value, as the pastoral activities in the study area were largely extensive. Two landscape variables were calculated from land cover data in the Gran Paradiso GIS database (digitized from 1 : 10 000 aerial photographs) using ArcView (version 3.1, ESRI, CA): the amount of contiguous grasslands (total grassland area) around each census plot and the distance between each plot and the nearest woodland (nearest-neighbour distance from woodland).
 
Plots on each transect that were close together were more likely to be similar in bird community composition than those far apart. Accordingly, we tested for plot autocorrelation within transects with Moran's I coefficient (Moran 1950 ), a weighted correlation coefficient used to detect departures from spatial randomness. This index varies between − 1 and 1, and a high value indicates positive autocorrelation between plots along a transect. The autocorrelation between the study plots was low (mean I = − 0·02, range − 0·40 -0·20, n = 70 daily transects). Monte Carlo tests with 100 permutations of the data set were used to test for the significance of spatial autocorrelation coefficients via randomization, allowing us to determine if the observed coefficients were significantly different from a random pattern. In all cases, probability levels were > 0·05, suggesting that plots were spatially independent. Moran's I and Monte Carlo randomization were performed with RookCase Software (Sawada 1999) .
We classified bird species into four major ecological groups: open habitat-grassland species (hereafter grassland species, species that require open fields both for breeding and foraging); ecotone species (species that use grassland and woodland alternatively); shrub species (species that dwell in shrubby areas); and woodland species (species typical of forest and open forest habitats) (see the Appendix).
Bird community structure at each individual plot was expressed in terms of diversity (Shannon index:
, where p i is the relative frequency of species i ) and abundance of the four ecological groups. Results obtained by considering species richness per plot were similar to those achieved using Shannon diversity; hence only the latter index was considered here, as a measure of avian α -diversity.
To reveal patterns in the local habitat structure and compensate for multicollinearity we summarized habitat attributes with a principal components analysis (PCA) on standardized data (zero mean and unit SD). PCA condensed the original information on three derived axes (PC1, PC2 and PC3) having the benefit of being orthogonal and uncorrelated (Jongman, ter Braak & Van Tongeren 1995) . This gave three main factors with eigenvalue > 1 that explained 73·5% of the variability of the data set. Percentage shrub cover and vegetation height showed the highest correlation with PC1 scores (factor loadings R = 0·87 and 0·80, respectively); PC2 was positively correlated with percentage stone cover ( R = 0·78) and negatively correlated with tree cover ( R = − 0·66), whereas heterogeneity of vegetation height provided the major loading on PC3 ( R = 0·97). Hereafter PC1, PC2 and PC3 are termed SHRUB-HEIGHT, STONE-TREE and VEGHETERO, respectively.
Mean diversity and abundance of ecological groups were used as dependent variables in stepwise multiple regression analyses using (i) local habitat variables (three PCA scores), (ii) landscape variables, (iii) grazing pressure levels and (iv) elevation as quantitative predictors. To attain a normal distribution, these variables were logtransformed ( y = log( x + 1)). Because this transformation proved to be ineffective with the variables bird diversity, abundance of shrub species, abundance of ecotone species and abundance of woodland species, in these four cases normality was achieved through Box-Cox transformation [ y = ( x λ − 1)/ λ , with λ = 0·92 for bird diversity and abundance of woodland species, λ = 0·98 for the abundance of shrub species and λ = 0·50 for the abundance of ecotone species; Box & Cox 1964] .
Before carrying out these regressions, we further tested for correlations between the variables. Grazing pressure proved to be negatively correlated with both elevation ( R = − 0·31) and SHRUB-HEIGHT ( R = − 0·30; with 9% of the variability in SHRUB-HEIGHT being explained by grazing). To control for the effects of vegetation structure and topography on grazing, we used the residuals of the regression between grazing levels vs. elevation and SHRUB-HEIGHT rather than raw values in all the regression models.
In keeping with Herrando & Brotons (2002) , we used a parsimonious approach assuming that bird diversity and abundance were affected primarily by elevation, local habitat and grazing pressure, and then by the landscape. A stepwise multiple regression analysis was carried out in two steps. First, bird diversity and abundance of the four ecological groups were used as dependent variables and (i) elevation, (ii) SHRUB-HEIGHT, (iii) STONE-TREE, (iv) VEGHETERO and (v) residuals of grazing pressure (partialling out the effects of elevation and SHRUB-HEIGHT) were used as predictors. Secondly, we used the residuals of the former regression as the dependent variable and (i) total grassland area and (ii) nearest-neighbour distance from woodland as the predictors.
Differences in environmental variables (local habitat and landscape) and bird community among the four grazing levels were also tested by means of one-way  s on log-or Box-Cox-transformed data (in the case of environmental variables, bird diversity, abundance of grassland, edge, shrub and woodland species) and χ 2 tests of independence (occurrence of the most common species); in this analysis the altitudinal ranges of 1000 -1900 (montane belt) and 1900 -2800 (subalpine and alpine belt) m a.s.l. were considered separately.
In order to verify the accuracy of our approach, onesample Kolmogorov-Smirnov tests were always carried out to test whether the residuals of previous models fit a Gaussian distribution: in all the cases KolmogorovSmirnov d was < 0·06, and P > 0·10, suggesting that all residuals were still normally distributed.
Results
In 350 independent plots we recorded the occurrence of 59 species (see the Appendix), of which 18 were grassland, nine ecotone, four shrub and 25 woodland species. Three species were unclassified either because they occurred in all habitats, for example the cuckoo Cuculus canorus L., or because they depended on other habitat features, e.g. wallcreeper Tichodroma muraria (L.) on cliffs and dipper Cinclus cinclus C.L. Brehm on streams. Grasslands supported the greatest number of threatened species (one-third of grassland species were declining or vulnerable; sensu Tucker & Heath 1994) , whereas ecotones, woodlands and shrubs, respectively, held 11%, 4% and 0% of birds with an unfavourable conservation status (see the Appendix).
Within the PCA scores of local habitat, bird diversity was positively correlated with SHRUB-HEIGHT and negatively correlated with STONE-TREE, whereas the four ecological groups showed contrasting responses to habitat predictors. Abundance of grassland and ecotone species decreased at increasing SHRUB-HEIGHT, whereas shrub and woodland species did the opposite. On the other hand, the abundance of ecotone and grassland species showed opposite trends with respect to the elevation, as grassland species increased and ecotone species decreased at increasing altitude. Ecotone and woodland species were also negatively affected by stone cover and positively affected by tree cover (as represented by STONE-TREE).
By considering grazing pressure, the species diversity and abundance of shrub and woodland species were all negatively correlated with grazing pressure, whereas grassland species were significantly more abundant in grazed pastures (Table 1) .
Once local habitat factors, elevation and grazing were controlled for using the residuals of the former model, species diversity and the abundance of woodland species peaked in plots close to woodlands. Conversely, grassland species were positively affected by the distance from the forest (Table 1) .
When testing for differences in local habitat and landscape variables among the four levels of grazing pressure, below 1900 m, abandoned and slightly grazed fields showed significantly greater cover of shrubs, trees and stones. Vegetation was significantly taller in abandoned pastures and in fields where both haymaking and grazing occurred (level 3 in grazing pressure), whereas the total grassland patch area was larger in pastures undergoing high utilization (level 2). Above 1900 m a.s.l., abandoned pastures contained significantly taller vegetation and greater shrub cover, while highly grazed plots had the largest grassland patch area. With reference to bird community metrics in the altitudinal range Table 1 . Multiple regression models on bird species diversity and abundance of four ecological groups (grassland, ecotone, shrubland and woodland species). The models were conducted in two steps.
Step 1: bird diversity and abundance of four ecological groups as dependent variables and elevation, local habitat variables (SHRUB-HEIGHT, STONE-TREE and VEGHETERO) and grazing pressure* as predictors.
Step 2: residuals of the former analysis as dependent variables and landscape variables as predictors. At each step, a backwards stepwise procedure was used; only variables that entered in the model are shown
Variable
Coefficient SE t-value P R 2 F P
Step 1: local habitat, elevation and grazing pressure* Species diversity Intercept −0·10 0·03 3·10 < 0·01 0·09 F 3,346 = 11 < 0·01 SHRUB-HEIGHT 0·08 0·03 2·63 < 0·01 STONE-TREE −0·11 0·03 3·41 < 0·01 Grazing pressure* −0·11 0·03 3·56 < 0·01 Abundance of grassland species Intercept −4·9 0·81 6·04 < 0·01 0·23 F 3,346 = 35 < 0·001 Elevation 1·63 0·25 6·62 < 0·01 SHRUB-HEIGHT −0·09 0·02 5·29 < 0·01 Grazing pressure* 0·04 0·02 2·34 < 0·05 Abundance of ecotone species Intercept 12·9 4·01 3·17 < 0·01 0·10 F 3,346 = 12 < 0·01 Elevation −3·63 1·23 2·94 < 0·01 SHRUB-HEIGHT −0·27 0·08 3·51 < 0·01 STONE-TREE −0·23 0·06 2·86 < 0·01 Abundance of shrub species Intercept −0·53 0·04 12·5 < 0·001 0·44 F 2,347 = 138 < 0·001 SHRUB-HEIGHT 0·67 0·04 15·9 < 0·001 Grazing pressure* −0·20 0·04 4·7 < 0·001 Abundance of woodland species Intercept 36·3 6·92 5·24 < 0·01 0·31 F 4,345 = 39 < 0·001 Elevation −10·4 2·09 4·95 < 0·01 SHRUB-HEIGHT 0·90 0·13 6·83 < 0·01 STONE-TREE −0·46 0·13 3·33 < 0·01 Grazing pressure* −0·50 0·13 4·24 < 0·01 Step 2: landscape Species diversity Intercept 0·28 0·11 2·60 < 0·01 0·02 F 1,348 = 8·6 < 0·01 Nearest-neighbour distance from woodland
Abundance of grassland species Intercept − 0·40 0·11 3·60 < 0·01 0·05 F 1,348 = 17 < 0·01 Nearest-neighbour distance from woodland 0·19 0·05 4·09 < 0·01
Abundance of ecotone species Intercept 0·38 0·11 3·46 < 0·01 0·04 F 1,348 = 15 < 0·01 Nearest-neighbour distance from woodland − 0·18 0·05 3·92 < 0·01 *Residuals of grazing pressure vs. elevation and SHRUB-HEIGHT (predictors), in order to partial out the effects of vegetation structure and elevation on grazing intensity.
of 1000 -1900 m a.s.l., diversity peaked in abandoned pastures, but this habitat was not attractive to grassland species. Conversely, shrub and woodland species were more abundant in abandoned pastures. Table 2 ]. Above 1900 m a.s.l., differences were tested only among the first three grazing levels, as haymaking associated with grazing is no longer practised at such elevations. Bird diversity and abundance of shrub and woodland species were still greater in abandoned pastures; ecotone species were more abundant in slightly grazed pastures, whereas there was no difference in numbers of grassland species in abandoned or grazed pastures. At the species level, dunnock, wren and willow tit Parus montanus still preferred abandoned fields, linnet Carduelis cannabina (L.) was more common in slightly grazed fields and skylark Alauda arvensis L. favoured grasslands under heavier grazing regimes (Table 3) . Below 1900 m a.s.l., the bird community of abandoned pastures was dominated by woodland and shrub species (respectively 45·6% and 26·1% of all the individuals observed), that of grazed pastures by grassland and ecotone species (Table 4) ; above 1900 m, grassland species made up a disproportionate share of the avifauna in both abandoned and grazed pastures (Table 4) . Table 2 . Mean ± SD of habitat variables, landscape variables, bird diversity and abundance of the four ecological groups in plots under different grazing levels below 1900 m a.s.l. The frequency of occurrence (%) of the most common species is also shown. Differences were tested with one-way s and χ 2 test of independence (d.f. = 3). Grazing levels 0, 1, 2 and 3 represent a gradient of increasing sward utilization. *P < 0·05, **P < 0·01, ***P < 0·001. See the Appendix for the scientific names of the species listed 37·4 ± 34·5 13·2 ± 7·6 21·8 ± 26·9 37·4 ± 29·9 F 3, 109 = 5·90*** Heterogeneity of vegetation height (CV percentage) 42·0 ± 26·1 42·1 ± 15·4 46·9 ± 27·9 45·7 ± 33·3 F 3, 109 = 0·64 Shrub cover (%) 34·4 ± 34·1 7·7 ± 14·9 1·41 ± 2·4 1·37 ± 3·5 F 3, 109 = 5·36** Tree cover (%) 6·54 ± 10·0 3·14 ± 7·2 0·39 ± 1·1 2·26 ± 7·1 F 3, 109 = 10·7*** Boulder/stone cover (%) 10·5 ± 5·5 10·1 ± 12·0 1·98 ± 4·8 0·68 ± 2·4 F 3, 109 = 5·90*** Nearest-neighbour distance from woodland (m) 226 ± 370 181 ± 285 98 ± 164 239 ± 341 F 3, 109 = 0·17 Total grassland area (km 2 ) 1·03 ± 2·2 0·84 ± 1·5 4·14 ± 4·3 1·85 ± 2·9 F 3, 109 = 6·82*** Bird diversity 1·25 ± 0·6 0·91 ± 0·4 0·77 ± 0·6 0·85 ± 0·6 F 3, 109 = 4·50** Abundance of grassland species 1·17 ± 1·8 1·62 ± 1·6 1·63 ± 1·7 2·68 ± 2·5 F 3, 109 = 3·00* Abundance of ecotone species 0·59 ± 1·0 1·00 ± 1·3 1·41 ± 1·6 1·53 ± 2·3 F 3, 109 = 1·95 Abundance of shrub species 1·63 ± 1·5 0·43 ± 0·9 0·04 ± 0·2 0·00 ± 0·00 F 3, 109 = 18·9*** Abundance of woodland species 
Discussion
Ecologists face the complex task of identifying pertinent predictors of community structure within a plethora of environmental characteristics at different scales. The dependence of species-habitat relationships on many factors, ranging from local vegetation structure to landscape features, suggests that several processes operate simultaneously at different scales to influence the community (Pearman 2002) . In this study, we developed a conservative model to analyse the relationships between species and environment, supposing that birds are primarily affected by the environmental conditions in their immediate surroundings and only secondarily by the landscape matrix.
We believe that such an approach is appropriate for many of the small passerines that are considered here. Individuals often present a restricted range (compared with larger birds), and we hypothesize that they respond primarily to the habitat within their Table 3 . Mean ± SD of habitat variables, landscape variables, bird diversity and abundance of the four ecological groups in plots under different grazing levels above 1900 m a.s.l. The frequency of occurrence (%) of the most common species is also shown. Differences were tested with one-way s and χ 2 test of independence (d.f. = 2). *P < 0·05, **P < 0·01, ***P < 0·001. Plots under grazing level 3 were not recorded above 1900 m. See the Appendix for the scientific names of the species listed 16·5 ± 29·2 6·6 ± 4·3 5·9 ± 2·8 F 2, 234 = 5·53** Heterogeneity of vegetation height (CV percentage) 51·3 ± 63·4 41·0 ± 17·2 46·1 ± 13·5 F 2, 234 = 1·57 Shrub cover (%) 21·4 ± 35·1 8·21 ± 19·7 2·0 ± 6·2 F 2, 234 = 5·00** Tree cover (%) 0·5 ± 2·5 0·19 ± 0·8 0·08 ± 0·3 F 2, 234 = 0·43 Boulder/stone cover (%) 16·7 ± 18·5 17·0 ± 19·4 12·7 ± 13·2 F 2, 234 = 0·01 Nearest-neighbour distance from woodland (m) 765 ± 781 830 ± 1148 483 ± 291 F 2, 234 = 0·00 Total grassland area (km 2 ) 2·30 ± 2·5 2·34 ± 3·1 5·37 ± 4·8 F 2, 234 = 3·85* Bird diversity 0·98 ± 0·5 0·79 ± 0·6 0·79 ± 0·6 F 2, 234 = 3·69* Abundance of grassland species 3·7 ± 4·3 4·09 ± 6·1 4·72 ± 3·5 F 2, 234 = 1·59 Abundance of ecotone species 0·44 ± 1·1 0·88 ± 1·5 0·40 ± 1·0 F 2, 234 = 3·71* Abundance of shrub species 0·57 ± 1·2 0·12 ± 0·4 0·16 ± 0·6 F 2, 234 = 7·47*** Abundance of woodland species 0·75 ± 1·55 0·40 ± 1·0 0·20 ± 0·8 F 2, 234 = 3·70* Frequency of occurrence (%) Black redstart territories, and then secondarily to the conditions outside. By using this approach and exploiting residuals, we attempted to reduce multicollinearity among predictors.
   ,      
Bird α-diversity in the study grasslands increased with shrub and tree cover. By increasing heterogeneity in habitat structure at the local scale, viable populations of more species can be supported. Trees and shrubs increase the available resources and fulfil the habitat requirements of more species. In addition, trees and shrub provide important foraging and nesting substrates, as well as microclimatic refuges during periods of environmental stress (Söderström et al. 2001) . Considering the four ecological groups of birds, we conclude that the peak of diversity in shrub-and tree-rich patches is determined by the invasion of shrubland and woodland species. 
   
In contrast with several centuries of overgrazing elsewhere, the grazing regime in the study area has been declining to a great extent over the last 50 years (Cavallero et al. 1997; Fleury et al. 2001) . Stocking levels have been gradually reduced and the grazing period is now mostly restricted to 1-3 summer months. As grazing and haymaking usually take place from July onwards, the direct effects of grazing (e.g. deterioration of the sward as nesting and sheltering habitat, nest and young destruction through trampling and mowing, decrease in flowering and seed set) are less conspicuous than indirect ones (increase in particular invertebrate prey, long-term changes in sward structure, vegetation and habitat). The most striking effect of grazing on habitat below and around the timberline seems to be the maintenance of large open habitats through the limitation of tree and scrub encroachment: percentage tree and scrub cover increases significantly from heavily grazed through slightly grazed to abandoned pastures. Abandoned fields below 1900 m also show greater stone cover, either because human management involves the removal of stones to increase grassland surface or because the first pastures that were actually abandoned were the less productive ones, with larger proportions of boulders and stones.
Pastoral abandonment temporarily increases habitat heterogeneity, and creates circumstances favoured by more bird species, especially by those of forest origin that follow tree and scrub encroachment. It should be noted, however, that while forest and shrub species are negatively affected by grazing (they represent 70% of the individuals in abandoned pastures below 1900 m, with eight species occurring preferentially in this grassland type), the abundance of grassland species is positively associated with grazing intensity. This is particularly true below 1900 m, where the abundance of grassland species in grazed/mown plots is more than twice that in abandoned fields, and where four species are significantly more common in pastures undergoing heavier grazing or mowing (red-backed shrike, whinchat, fieldfare and white wagtail). The importance of grazing in maintaining an open habitat is much reduced in the alpine belt, where the effects of pastoral abandonment on grassland species are less conspicuous. Above 1900 m a.s.l., ecotone species are more abundant in slightly grazed fields, whereas shrub and woodland species still prefer abandoned pastures. These three groups, however, constitute a minor share of the overall avifauna of high altitude areas (ranging from 32% of all individuals in abandoned fields to 14% in highly grazed plots). At the species level, only two species preferentially dwell in grazed pastures: the linnet, which is mostly found in slightly grazed pastures, and the skylark, which prefers highly grazed pastures.
In conclusion, open habitat species of the montane belt benefit from grazing to a large extent. At higher altitudes only linnet and skylark seem to prefer grazed meadows, whereas for most other species grazing makes no difference. Unfortunately, this study lacks detailed analyses of vegetation composition, which might provide a better indicator of land-use changes at high altitude. It should be stressed, however, that grazing intensity is negatively correlated with elevation, and above 1900-2000 m a.s.l. it is generally modest compared with that at lower elevations (Table 3) . Red-billed chough Pyrrhocorax pyrrhocorax L. and rock thrush Monticola saxatilis (L.), whose decline in Europe has been related to the loss of extensive grazing systems (Sanchez 1994; McCracken & Bignal 1998) , show no preference for grazed (either slightly or heavily) fields. However, these species are quite rare in our study area.
 
According to the European Union (EU) Habitat Directive, more than 50% of the biotopes in Europe warranting special conservation measures occur in low-intensity farmland landscapes (Bignal & McCracken 1996) . Habitat loss of semi-natural grasslands is recognized as a serious threat to many rare and declining animal and plant species (Fuller 1987; Beaufoy, Baldock & Clark 1994; Labaune & Magnin 2002) . This study shows that abandonment of upland pastures in the Italian Alps has profound effects on bird assemblages, but the assessment of grazing importance can differ markedly depending on whether the focus is α-bird diversity or grassland bird abundance. Avian diversity responds positively to pastoral abandonment because forest species invade abandoned meadows, whereas grassland and ecotone species (to a lesser extent) benefit from grazing. While pastoral abandonment leads to an overall increase in avian α-diversity, not all species have equal conservation value. Most woodland species that are now invading abandoned pastures need no special assistance, as only 4% have unfavourable status. Furthermore, forest species with unfavourable conservation status need ancient climax forest, which would require centuries to develop from these abandoned pastures; we do not even know if true forest is able to recover fully because the soil has eroded after forest clearance and grazing. Conversely, one-third (33%) of the grassland species recorded in this study are threatened, and some of them are dependent upon grazing. Skylark and red-backed shrike are, respectively, vulnerable and declining species, and the whinchat, despite being secure, is becoming rare in western Europe (populations are declining in 54% of countries), while the linnet is showing a negative population trend in Britain (Tucker & Heath 1994; Chamberlain & Crick 1999; Henderson, Vickery & Fuller 2000) . Thus, in terms of bird conservation objectives, large-scale abandonment of semi-natural pastoral habitats and their replacement with scrub, or even forest, is likely to be detrimental, taking into account that upland grasslands are becoming important refuges for grassland species that extend their ranges down to lowlands, where suitable meadows are rapidly diminishing in extent. Moreover, although anthropogenic in nature, semi-natural grasslands are long-established habitats with a complex structure and plant composition, a crucial factor for most wildlife.
Based on the results of this study, bird diversity seems to reflect habitat heterogeneity rather than its quality. We suggest that the occurrence and abundance of some sensitive species (i.e. those listed as priority species for grassland conservation; sensu should be investigated in relation to habitat, landscape and grazing regimes before conservation plans are made in the alpine environments. Moreover, if a larger scale is considered, the landscape mosaic created by grazing may be of considerable importance in meeting the diverse habitat requirements of several species, thus contributing to α-diversity. Overall, seminatural alpine grasslands need appropriate sustainable management for the benefit of birds, biological diversity and the sustainability and quality of life of rural communities. The latter is particularly important, as social factors cannot be divorced from nature conservation issues, and rural poverty and low standards of living cannot be encouraged just because they are associated with high nature conservation-value farmland (McCracken et al. 1997 ). An integrated approach to agricultural, environmental and social policies for such areas is therefore highly recommended.
List of the bird species recorded in the 350 plots of Gran Paradiso National Park. Species were classed as grassland, shrub, ecotone and woodland according to their ecological preferences. The frequency of occurrence (%) and the conservation status (Tucker & Heath 1994) (Tables 2 and 3 ).
